Groundwater discharge delivering anthropogenic N from surrounding watersheds can impact lake nutrient budgets. However, upgradient groundwater processes and changing dynamics in N biogeochemistry at the groundwater-lake interface are complex. In this study, seasonal water-level variations in a groundwater flow-through lake altered discharge patterns of a wastewater-derived groundwater contaminant plume, thereby affecting biogeochemical processes controlling N transport. Pore water collected 15 cm under the lakebed along transects perpendicular to shore varied from oxic to anoxic with increasing nitrate concentrations (10-75 μM) and corresponding gradients in nitrite and nitrous oxide. Pore water depth profiles of nitrate concentrations and stable isotopic compositions largely reflected upgradient groundwater N sources and N cycle processes, with minor additional nitrate reduction in the near-surface lakebed sediments. Potential denitrification rates determined in laboratory microcosms were 10-100 times higher in near-surface sediments (0-5 cm) than in deeper sediments (5-30 cm) and were correlated with sediment carbon content and abundance of denitrification genes (nirS, nosZI, and nosZII). Potential anammox-driven N 2 production was detectable in deeper anoxic sediments. Injection of bromide and nitrite in the lake sediments showed that the highest net nitrite consumption rates were within the top 10 cm. However, short transit times owing to rapid upward pore water velocities (4-5 cm hr −1 ) limited removal of the contaminant nitrate transiting through the sediments. Results demonstrate that local hydrologic and biogeochemical processes at the point of discharge affect the distribution and discharge rate of N through lakebed sediments, but processes in the upgradient groundwater can be more important for affecting N speciation and concentration.
Introduction
Nutrient loading to lakes and the resulting potential for algal blooms and eutrophication have substantial implications for human health and the health of lacustrine ecosystems. Inorganic nitrogen (N), primarily in the form of nitrate (NO 3 2007), whereas its role in assimilation to support biomass growth is usually relatively minor. In lakes, the situation is reversed; NO 3 − is primarily a nutrient, where it is assimilated by plants and algae for growth, and NO 3 − dissimilatory processes are generally limited relative to assimilation (Wetzel, 1975) . However, much remains to be learned about the fate and transport of NO 3 − at the groundwater-lake interface.
What is the effect of the physical and hydrologic transition on contaminant NO 3 − as it discharges into a lake? Do the lake sediments, which are generally more carbon (C)-rich than aquifer sediments, alter the amount and the speciation of the NO 3 − just prior to discharge?
Lakes such as kettle ponds and prairie potholes of the glaciated northern U.S. are commonly connected hydraulically to surrounding shallow water table aquifers. Many of these lakes are groundwater flow-through lakes where groundwater discharges into the lake on the upgradient side and lake water seeps back into the groundwater on the downgradient side of the lake (Winter, 1986) . Although spatial distributions and rates of groundwater/surface water exchange can be complex, the exchanges generally are focused in nearshore areas of a lake (McBride & Pfannkuch, 1975) . Many lakes, such as those located in glacial drift, have little or no connection to streams and have groundwater-dominated water budgets (Wetzel, 1975) . The natural habitats of these lakes may be particularly sensitive to inputs of contaminated groundwater. Groundwater discharge into a lake can be affected by many factors that vary spatially and temporally, including aquifer thickness, composition, and heterogeneity; regional water table gradients; seasonal and long-term variations in precipitation and evapotranspiration that affect aquifer recharge; watershed topography; and lake depth, wave and wind action, and the type of littoral zone vegetation (Keery et al., 2007; Lewandowski et al., 2015; Pfannkuch & Winter, 1984; Rosenberry et al., 2000; Rosenberry et al., 2013; Winter et al., 1998) . Because the shallow zones of a lake receive most of the groundwater discharge, the nearshore sediments are important locations where biogeochemical processes in the sediments may transform, store, or potentially remove groundwater contaminants, such as NO 3 − , before they reach the lake water (Stoliker et al., 2016) . The extent to which this happens and how the processes respond to and are affected by discharge variability and heterogeneity are largely unknown.
Dissimilatory nitrogen transformations that can affect NO 3 − at the groundwater-lake interface include nitrification, denitrification, anaerobic ammonium (NH 4 + ) oxidation (anammox), and dissimilatory nitrate reduction to ammonium (DNRA). Nitrification is an aerobic process that produces NO 3 − from the oxidation of NH 4 + or organic N. The other processes are anoxic and compete for nitrogen oxides as electron acceptors.
Denitrification and anammox remove fixed N by reducing NO 3 − or nitrite (NO 2 − ) and producing nitrogen gas (N 2 ), while DNRA alters the mobility of the fixed N, without removing it, by reducing NO 3 − to NH 4 + . Nitrification and denitrification have been widely studied in rivers and streams as important mediators of N transport (Böhlke et al., 2009; Duff et al., 2008; Groffman et al., 2005; Hinkle et al., 2001; Mulholland et al., 2009; Peterson et al., 2001) , and all of these processes have been found in groundwater and lake sediments (Hampel et al., 2018; Li et al., 2017; Miller & Smith, 2009; Rissanen et al., 2013; Rysgaard et al., 1993; Salk et al., 2018; Smith et al., 2015; Smith & Duff, 1988; Smith et al., 1991b; Stoliker et al., 2016; Washbourne et al., 2011) . Abiotic reactions, such as the oxidation of iron (Fe +2 ) by NO 2 − producing nitrous oxide (N 2 O), can also contribute to N-species cycling (Klueglein et al., 2014; Klueglein & Kappler, 2013) . Interactions among the N cycle processes can affect the ultimate amount and speciation of N transported across the groundwater/surface water interface and the extent to which NO 3 − -containing groundwater will contribute to whole-lake N budgets. Several redox species of N can be readily quantified in sediment pore water: N(V) (NO 3 − ), N (III) (NO 2 − ), N(I) (N 2 O), and N(-III) (NH 3 , NH 4 + , and organic N). Changes in the N and O isotopic composition of these species provide insight into the controls on redox reactions (Buchwald & Casciotti, 2013; Casciotti, 2016; Granger et al., 2008) . Genes encoding enzymes that catalyze various N cycle redox reactions can now be identified and quantified, which can indicate the genetic potential of various microbial activities (see review of Damashek & Francis, 2018) . Abundance of denitrification genes such as NO 2 − reductase (nirS) and N 2 O reductase (nosZ) was shown to have a significant positive correlation with potential denitrification rates in river sediments, while no correlation was observed between anammox rates and the genes encoding hydrazine oxidoreductase (hzo; Lisa et al., 2015) . A meta-analysis found significant correlation of denitrification activities with both nirS and nosZ genes, but not with their transcripts (an indicator of gene expression), suggesting that gene abundance is a better genetic predictor of denitrification than transcriptional expression (Rocca et al., 2015) .
Previously, we presented findings from an investigation of hydrologic controls on N cycling in sediments in Ashumet Pond-a groundwater flowthrough lake on Cape Cod, Massachusetts-at a single point in time (Stoliker et al., 2016) . Functional genes for the N cycling processes-denitrification, anammox, and nitrification-were present in sediments collected from three shallow nearshore areas, where (1) uncontaminated groundwater discharges to the lake; (2) anoxic groundwater with elevated concentrations of NO 3 − from a well-characterized wastewater source (McCobb et al., 2003; McCobb & LeBlanc, 2011) discharges to the lake at Fishermans Cove (sic); and (3) lake water recharges the aquifer. Potential activity of N cycling microbial communities in lakebed sediments was lowest where oxic, uncontaminated groundwater discharges to the lake and highest where lake water enters the sediments, supplying lake-derived labile organic C. In this paper we present a detailed examination of the impact of changes in lake stage (i.e., the elevation of the lake surface) on the N cycling activity of microbial communities in sediments in a groundwater discharge area at Fishermans Cove. We hypothesized that changes in the lake stage and associated shifts in the shoreline location affect the composition of groundwater flowing through the lakebed sediments at any given location. This results in coincident effects on N cycling processes, microbial communities, and changes in the flux of N species into the lake. Specifically, at high lake stages, shallow lake-bed sediments several meters or more from the shoreline accumulate lakederived organic C and are exposed to NO 3 − as anoxic groundwater discharges into the lake. As the stage drops, submergence and distance from shore decrease, which may affect the supply to the sediments of lakederived organic C; increase groundwater discharge rates; and change groundwater chemical conditions, including lower NO 3 − concentrations and higher dissolved O 2 concentrations than at higher lake stages. At low stages, sediments may become exposed onshore and in contact with the atmosphere. Subsequent increases in lake stage cause the reverse sequence of events. We document changes in the location of discharge of NO 3 − contamination and the concomitant changes in microbial communities and the N -processing functions they provide driven by temporal cycles in lake stage. Changes in N-processing functions were examined by determining pore water chemistry, functional gene abundance, and rates of N cycle processes determined in laboratory experiments and in situ tracer tests.
Methods

Study Site
The study site is an unconfined sand and gravel aquifer and associated freshwater glacial kettle lake, Ashumet Pond, on western Cape Cod, Massachusetts ( Figure 1a ) that have been a focal point of more than three decades of study by the U.S. Geological Survey Toxic Substances Hydrology Program of contaminant fate and transport in shallow groundwater in granular aquifers (http://pubs.usgs.gov/fs/2006/3096). Ashumet Pond has an area of about 0.82 km 2 and a maximum depth of 26 m and is a groundwater flowthrough lake, with no surface water outlet and only a minor surface water inlet. The water table aquifer connected hydraulically to Ashumet Pond was contaminated by disposal of treated wastewater onto surface infiltration beds for >60 years (LeBlanc, 1984; Repert et al., 2006) . (Barbaro et al., 2013; LeBlanc, 1984) . Sampling locations shown are well sites F424 and F744 and Fishermans Cove in the lake. (b) Daily average water-level elevation of Ashumet Pond from 1 January 2013 to 30 September 2015. Highlighted in red are the periods when field sampling for this study was conducted.
2016)
, which is about 2-years groundwater travel time downgradient from the infiltration bed location. The lake and the study site location are typical of settings where wastewater plumes from septic systems discharge to surface water environments.
The well-characterized, groundwater contaminant plume at the Cape Cod site is more than 7 km long, (Barbaro et al., 2013; Böhlke et al., 2006; LeBlanc, 1984; McCobb et al., 2003; Repert et al., 2006; Smith, Howes, et al., 1991; Stoliker et al., 2016) . The plume is in a sand and gravel water table aquifer whose physical and hydrologic characteristics have been described previously (Barber et al., 1992; Hess et al., 1992; Kent & Fox, 2004; LeBlanc et al., 1991) . The central core of the plume is anoxic, though as the wastewater-contaminated groundwater moves downgradient, the plume becomes overlain by a zone of uncontaminated, oxic groundwater. Nitrate, NH 4 + , and PO 4 −3 are wastewater derived, while other constituents, such as Fe +2 , Mn +2 , and arsenic, are naturally occurring, having been mobilized from the aquifer sediments (Kent et al., 1994; Kent & Fox, 2004) . Chemical gradients and locations of biogeochemical reaction zones within the plume have remained relatively stable since monitoring began in 1978, although concentrations of many dissolved constituents have been gradually decreasing with time since the wastewater disposal was discontinued at the site in 1995 (Repert et al., 2006) . Denitrification and anammox actively occur within the plume in anoxic or suboxic zones in which NO 3 − and NH 4 + are present (Smith et al., 2004; Smith et al., 2015) .
Ashumet Pond is a mesotrophic, freshwater lake situated in glacial outwash deposits composed of interbedded coarse sand and gravel. The estimated lake water residence time is 1-2 years (Harvey et al., 2015; LeBlanc et al., 1991; McCobb et al., 2003) . The lake, like most kettle lakes on western Cape Cod, has an elevated trophic state owing to nutrient inputs from the wastewater-infiltration beds, septic systems, and fertilizer applications (http://www.capecodcommission.org/index.php?id=171&maincatid=49). As noted by Stoliker et al. (2016) , studying processes that affect nutrient inputs in these lakes is difficult because of the dispersed nature of the inputs. The contaminant plume that is the subject of this study is well characterized, the discharge location within the lake is accessible, the groundwater flow path, direction, and velocity are all well characterized, and the lake stage is continuously monitored with a U. S. Geological Survey (USGS) gaging station, making this an ideal location to investigate the fate and transport of wastewater contaminants across the groundwater-lake interface and the effects of changes in the hydrologic gradient on that transport.
Hydrologic Measurements
Sampling events in Ashumet Pond occurred during six sampling excursions between June 2013 and June 2015, timed to represent seasonal variations in the lake-stage hydrograph ( Figure 1b ). Groundwater discharge was measured at multiple locations within the shallow-water zone of Fishermans Cove by using a barrel-type seepage meter and manometer (Rosenberry & LaBaugh, 2008) . Sediment temperature was measured at 10 cm below the sediment surface on a two-dimensional grid by using a portable thermistor probe. When lake water was substantially warmer (summer) or colder (winter) than the regional groundwater temperature, pore water temperature in shallow sediment was used to map areas of substantial groundwater discharge into the lake . The Ashumet Pond water level was continuously recorded at the U. S. Geological Survey (USGS) Ashumet Pond gage (https://nwis.waterdata.usgs.gov/ma/ nwis/uv?cb_62614=on&cb_70969=on&format=gif_default&site_no=413758070320501&period=&begin_ date=2013-01-01&end_date=2015-12-31).
Water and Sediment Sample Collection
Groundwater in the vicinity of Ashumet Pond was collected using 15-port multilevel sampling wells (Savoie & LeBlanc, 1998) . Pore water from the lake sediments was collected using 0.64-cm-diameter, stainless steel pushpoint samplers with 4-cm-long screens (MHE Products, East Tawas, MI) driven temporarily into the lake-bottom sediment. Groundwater and sediment pore water were collected using a peristaltic pump and O 2 -impermeable tubing (Pharmed). Pore water in near-surface sediments (0-5 cm below the lake botttom) was collected using a syringe and a pore water surface sampler specifically designed to minimize lake water intrusion during sampling ( Figure S1 in the supporting information). Field measurements were made for specific conductance, temperature, pH, O 2 , and NO 3 − , and water samples were collected and preserved for analysis of NO 3 − , NO 2 − , NH 4 + , DOC, N 2 O, and selected inorganic solutes as described elsewhere (Repert et al., 2006; Savoie et al., 2006) . Initial sampling for each field excursion was conducted by sampling from temporary pushpoint samplers located along a grid of transects oriented parallel and perpendicular to shore to determine the location of peak NO 3 − concentrations in the shallow lake-bottom sediments. The field-identified locations were selected for focused sampling, sediment collection, seepage measurements, and tracer tests for each given sampling excursion (see Figure 2 ).
Lake sediments were collected in Fishermans Cove for genomic and geochemical analyses and microcosm incubations, by driving a steel core barrel fitted with a 5-cm-diameter aluminum core liner to a depth of 30 cm below the sediment-water interface. Each core was separated into desired depth intervals. Samples from the same depth interval in multiple cores, all collected within about a 1-m 2 area, were combined to obtain a sufficient quantity of sediment, sieved through a 2-mm-mesh polypropylene screen, and thoroughly mixed. Aliquots of the sieved sediment were frozen on dry ice and shipped to Gloucester Point, VA, for molecular analysis. The remainder of the sieved sediment was transferred to glass canning jars that had been baked at 500°C. The jars were capped, flushed with ultrahigh-purity helium (He), and shipped on ice for next-day delivery to USGS in Boulder, CO, and Virginia Institute of Marine Science (VIMS) in Gloucester Point, VA. Table S1 .
2.4. Microbial Process Assessment 2.4.1. DNA Extraction and nosZ, nirS, and hzo Gene Quantification Genomic DNA was extracted from 0.5 g of the lake sediment collected in June 2014 and 2015 by using MO BIO Powersoil extraction kits (MO BIO Laboratories, Inc., Carlsbad, CA) following the manufacturer's protocol. Quantitative polymerase chain reaction (PCR) assays of the genes targeting N 2 O reductase (nosZI and nosZII) and NO 2 − reductase (nirS) in denitrifying bacteria and hydrazine oxidoreductase (hzo) in anammox bacteria were conducted as previously described (Jones et al., 2013; Lisa et al., 2015) .
Sediment Incubations
Laboratory microcosm incubations were conducted with slurried lake sediments at 15°C to assess rates of four processes-denitrification, net NO 3 − consumption, anammox, and nitrification-as previously described (Repert et al., 2014; Smith & Duff, 1988; Stoliker et al., 2016) . Rates are considered to be potential rates, not actual in situ rates, but serve as the basis for spatial and temporal sample comparison. All incubations were initiated immediately upon arrival of freshly collected, sieved sediment at the laboratory. Sediments were slurried with groundwater collected from upgradient well F424 ( Figure 1a and Table S4 ). The four process rates were assessed by the following: (1) Denitrification rates were measured using the acetylene (C 2 H 2 ) block technique (Yoshinari & Knowles, 1976) to measure N 2 O accumulation with time in the headspace of triplicate, anoxic 60-ml serum bottles containing 30 g of wet sediment, and 30 ml of groundwater. Concentrated, anoxic solutions of substrates (NaNO 3 , 100 μM; ±NaC 2 H 3 O 2 , 100 μM; final concentrations) were added at t = 0 hr, the bottles were mixed with end over end rotation, and headspace samples were removed at multiple time points (n = 6 to 8) and assayed for N 2 O concentration during short-term incubation periods (0-24 hr). Results from the C 2 H 2 block method were previously shown to be similar to rates of 15 N 2 production measured using 15 NO 3 − (Stoliker et al., 2016) .
(2) Identical, larger-volume incubations (60 g + 60 ml in 100 ml serum bottles) were conducted simultaneously, with periodic removal of pore water aliquots to monitor rates of anoxic NO 3 − consumption.
(3) Sediment anammox rates were calculated based on 29 N 2 production in anaerobic incubations with the addition of 15 assessed were determined using multiple, regressed time points; results are presented as the mean and standard deviation from individual incubations.
In Situ Tracer Tests
Two natural-gradient tracer tests were conducted in the lakebed sediments to measure the rates of net NO 2 − consumption relative to the rates of transport through the sediments and subsequent delivery to the overlying surface water. Bromide (Br − ) was the conservative tracer, while NO 2 − was chosen as the reactive tracer for both tests because of high background NO 3 − concentrations. Acetate tracer was used in the second test to examine the effect of degradable C (target concentrations for NaBr, NaNO 2 , and NaC 2 H 3 O 2 were 1,000, 50, and 100 μM, respectively, Table S8 ). A temporary grid of pushpoint samplers was installed in the lakebed sediments near the location of peak pore water NO 3 − concentration in October 2014 ( Figure 2 ). The grid was approximately 60 × 60 cm in map view with samplers set at multiple depths (5 to 75 cm) at most locations ( Figure S2 ). Also included in the grid were pore water surface samplers at two locations ( Figure S1 ). The two tracer tests were conducted sequentially in the same grid and used the same injection port. The tracer solutions were prepared in a 113-L stainless steel barrel, which was first flushed for several hours with He and loaded with an anoxic, concentrated solution containing the tracer chemicals. In the field, 75 L of pore water was pumped into the barrel from two pushpoint samplers located near the sampling grid (approximately 5 m away) at a depth of 75 cm. The contents of the barrel were mixed by agitation and then pumped into the center of the sampling grid at a depth of 75 cm, producing a tracer cloud, which moved upward with natural groundwater flow ( Figure S2 ). Samples of the injection solution were collected immediately prior to injection, from the injection port shortly after completing the injection process, and periodically from the pushpoint and pore water surface samplers by using a syringe attached to the sampler with tubing and a 10.1029/2018JG004635 (Smith et al., 2004) .
Chemical Analyses
Major cations, anions, and acetate were assayed using a Dionex ICS-5000 Ion Chromatograph with isocratic separation. Anions were separated with AG4A-SC and AS4A-SC guard and analytical columns and 1.8 mM sodium carbonate/1.7 mM sodium bicarbonate eluent. Cations were separated with CG12A and CS12A guard and analytical columns and 20 mM methanesulfonic acid eluent. Acetate was separated with AG18-RFIC and AS18-RFIC guard and analytical columns and 28.5 mM NaOH eluent. DOC was determined using a platinum-catalyzed wet persulfate oxidation method (Aiken, 1992) . Nitrous oxide was determined using a headspace equilibration method and an electron-capture-equipped gas chromatograph (Repert et al., 2014) . Sediment C content, KCl-extractable NH 4 + , and sediment-specific surface area were determined as previously described (Stoliker et al., 2016) . Total Fe, magnesium (Mg), Mn, phosphorus (P), sulfur (S), and silica (Si) were determined using inductively coupled plasma optical emission spectroscopy (Thermo Scientific, iCAP 6500). N and O stable isotope ratios in NO 3 − + NO 2 − were assayed and calibrated using the bacterial reduction method with Pseudomonas aureofaciens (Böhlke et al., 2003; Casciotti et al., 2002; Smith et al., 2017) . Apparent values of δ 18 O determined by this method can be in error (lower than true values) because of an analytical artifact when NO 2 − is a significant fraction of total NO 3 − + NO 2 − Casciotti et al., 2007) . Therefore, a subset of the samples was reanalyzed after treatment with sulfamic acid to remove NO 2 − (Granger & Sigman, 2009 ), including all samples with NO 2 − /NO 3 − ratios >0.03. To evaluate isotope fractionation effects, we selected data representing the isotopic composition of NO 3 − only, consisting of (1) all analyses of samples treated with sulfamic acid and (2) analyses of samples not treated with sulfamic acid, but with NO 2 − /NO 3 − ratios <0.03.
Statistical Analysis
Spearman's correlation analyses were conducted with the rate measurements, gene abundance, and environmental parameters monitored during the June samplings in 2014 and 2015 for 9 of 13 sediment samples (Tables S5 and S7 ). Excluded were APN-B, APN-Ox, APN-0, and APN1-3 because of missing data. Data were log-transformed to meet the assumptions of statistical inference for parametric tests and to reduce the range of data variation. The R program (The R Foundation for Statistical Computing) was used for the statistical analysis.
Results
Hydrology, Geochemistry, and Stable Isotopes
Groundwater, lake-sediment pore water, and lake sediments were collected on six dates, representing a range of lake stages over a 3-year period (Figure 1b) . The difference in stage of 0.75 m between June 2013 and October 2014 caused the shoreline to retreat approximately 8 m. The stage in October 2014 reached a 10-year low point. Natural-gradient tracer tests, involving reactive and nonreactive tracers, were conducted in the lake in October 2014.
The location of groundwater discharge into the lake was inferred by mapping pore water temperatures in the lake-bed sediments in June 2014, when groundwater temperatures were lower than lake-water temperatures (Figure 2 ). Lower temperatures along the shoreline indicated that focused groundwater discharge was occurring near the shoreline throughout the area surveyed. Lower temperatures offshore in the northwestern portion of the map extent indicated that groundwater was discharging in much of the northwestern portion of Fishermans Cove. The general trend of increasing temperatures with distance offshore in the northwestern area of Fishermans Cove indicated a general decrease in discharge rates with distance offshore. However, patches of colder water surrounded by warmer water several meters offshore from well site F744 indicated locations of locally greater discharge (Table 1) . 
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Total sediment C content at the study location was relatively low within the 5-30 cm depth interval but slightly higher in the near-surface (0-5 cm) sediments (131 and 221 μmol C (g dry sediment) −1 , respectively; Table 2 ). Extractable NH 4 + was very low for both depth intervals (Table 2) .
Vertical profiles of groundwater chemistry show concentration gradients related to the wastewater contaminant plume at two upgradient locations (F424 and F744) within 20 m of the shoreline of Ashumet Pond (Figures 3a and 3b) . The F424 groundwater profile shows shallow, uncontaminated, oxic groundwater (with the exception of a thin, O 2 -deficient zone in the shallowest part of the profiles related to the presence of parking lot pavement in the immediate area) underlain by suboxic (less than atmospheric equilibrium) and anoxic contaminated plume water with elevated concentrations of NO 3 − , NH 4 + , and DOC. The peak NO 3 − concentration of 132 μM was located at~10 m elevation, and low-level concentrations of NO 2 − and N 2 O, up to about 3 μM, were located below the NO 3 − peak. DOC concentrations within the contaminant plume were 65-95 μM. Similar vertical patterns were evident at F744, which is near the lakeshore and Figure 3c are arbitrarily plotted at 25 cm above the sediment surface. Arrows indicate that groundwater flows laterally from F424 to F744 and then upward at the lake. (Note that the contaminant plume at F424 extends down to an elevation of about −15 m, below the nitrate zone shown here; see Repert et al., 2006.) . Data in Table S2 .
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Journal of Geophysical Research: Biogeosciences approximately downgradient from F424 (Figures 1 and 2) . Groundwater flow upgradient of the lake is largely horizontal, such that peak concentrations of O 2 , NO 3 − , and N 2 O occurred at nearly identical elevations at F744 and F424.
Pore water profiles in the upper 1 m of lakebed sediments, at locations where high NO 3 − groundwater was discharging, were relatively uniform with depth ( Figure 3c ). The largest chemical gradients were near the sediment-water interface (0-10 cm), where O 2 increased abruptly from near zero in the pore water to near saturation relative to the atmosphere in the lake, and NO 3 − , NO 2 − , and N 2 O concentrations decreased upward toward lake water values. DOC concentrations were relatively similar in the pore water and overlying lake water.
The pattern of horizontal concentration gradients of dissolved O 2 and NO 3 − in pore water samples collected at a depth of 15 cm below the sediment-water interface along transects perpendicular to shore ( Figure 4 ) was similar to the pattern of vertical concentration gradients in groundwater at the upgradient well sites (Figure 3 ). Dissolved O 2 concentrations decreased and NO 3 − concentrations increased with distance along each transect out into the lake. The location of the transition between oxic groundwater with low NO 3 − concentrations and anoxic groundwater with 50-100 μM NO 3 − changed with time. For example, results from
October 2014 and September 2015 illustrate that lakebed sediments located at 4-5 m along the horizontal distance scale from the arbitrary reference point (0 m) on shore were exposed to anoxic, NO 3 − -contaminated groundwater at high lake stages and to oxic groundwater or air at lower lake stages (Figure 4) . ] > 20 μM was approximately 0.75 (R 2 = 0.98), which is similar to the slope of 0.73 previously attributed to NO 3 − reduction within other portions of the treated-wastewater groundwater plume at the Cape Cod site and within the range of values (0.5-1) attributed to NO 3 − reduction elsewhere (Böttcher et al., 1990; Granger et al., 2008; Granger & Wankel, 2016 (Brunner et al., 2014; Granger & Wankel, 2016) , both of which have been documented in the groundwater plume at the Cape Cod site (Smith et al., 2015) . The isotope data indicate that substantial and variable NO 3 − reduction had occurred in the contaminated groundwater approaching the lake from the northwest, as demonstrated previously (Smith et al., 2004; Smith, Howes, et al. 1991) . . Seasonal shift in shore position and horizontal gradients of dissolved oxygen and nitrate concentrations in lakebed pore water along transects A-F perpendicular to shore, as indicated in Figure 2 , at a depth of 15 cm below the sediment-water interface. Location of sediment core collection sites for each sampling excursion and the tracer test location in October 2014 are indicated. Distance is relative to June 2013 shoreline, which was arbitrarily set as 1 m. Groundwater flow at these transects is generally upward from beneath the transect. Data in Table S3 .
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Lateral variations in δ 18 O and δ 15 N of pore water NO 3 − beneath the lakebed on scales of meters were similar to vertical variations in upgradient groundwater on similar scales ( Figure 5 ) and support the hypothesis that much of the NO 3 − reduction experienced by the discharging groundwater occurred in upgradient areas of the aquifer and was not related to the lake. The isotope results support the hypothesis that the horizontal distribution of plume geochemistry beneath the lakebed was largely inherited from the vertical distributions of plume constituents in the upgradient groundwater. In effect, the vertical distributions rotated about 90°and were mapped on the lake bottom as the groundwater flow direction curved upward from nearly horizontal flow in the aquifer to nearly vertical flow in the discharge area at the lake.
Vertical profiles of NO 3 − isotopic composition and concentration in pore water between the 10 and 100 cm depths exhibited minor variations but generally were not consistent with progressive NO 3 − reduction during upward flow beneath the lakebed. However, in the top 10 cm, at least three out of four pore water profiles exhibited upward increases in δ 18 O and δ 15 N associated with upward decreases in NO 3 − concentration, which is consistent with local NO 3 − reduction just below the lake-bottom surface (Table S2 ). These shallow isotopic differences were small, and apparent NO 3 − losses had large uncertainties because of mixing (dilution) with surface water near the sediment surface during sampling, so estimated isotope fractionation factors were not well defined. In the uppermost 10 cm in three profiles, δ 15 N[NO 3 − ] values increased upward by 1.5 to 3.0‰
(Δδ 15 N[NO 3 − ]), while estimated fractional losses ranged from 24 to 43%
(1-C/C 0 [NO 3 − ]), after adjustment for dissolved Si dilution by surface water mixing ( Figure 5 ). These gradients yielded apparent isotope fractionation factors (ε 15 N) of −5.5 ± 0.3‰, which could be qualitatively consistent with net NO 3 − reduction in a heterogeneous environment subjected to local dispersion and diffusion in the groundwater discharge area near the sediment-water interface. ].
Sediment Incubations and N Cycle Gene Abundance
Activity assays for denitrification, anammox, and NO 3 − consumption were conducted using short-term anoxic sediment microcosm experiments. Potential rates of denitrification were 10 to 470 times higher in near-surface sediments (0-5 cm) than in pooled deeper sediments (5-30 cm) at the NO 3 − discharge zone (Table 2, Figure 6a ), with no clear correlation with sediment pore water NO 3 − concentrations along the horizontal transect perpendicular to shore (compare Figures 4 and 6a) . The ranges of abundance of nosZI, nosZII, and nirS genes from all samples were 1.8 × 10 7 to 1.6 × 10 8 , 1.4 × 10 7 to 1.9 × 10 8 , and 4.3 × 10 6 to 3.86 × 10 7 copies (g dry sediment) −1 , respectively (Table S7 ). The nirS abundance was substantially higher in the near-surface sediments than in the pooled deeper sediments. The nosZI and nosZII gene abundances were also higher in the near-surface sediments, with the highest abundances measured in the near-surface sediments with highest pore water NO 3 − concentrations (Figure 6a , Table S7 ). Significant and positive correlations among nirS, nosZI, and nosZII were found by using Spearman's correlation analysis (r = 0.87 and 0.86, respectively, Table 3 ), indicating functional linkage of microbes reducing NO 2 − and N 2 O in the sediments, even though the abundance of total nosZ genes (combined nosZI and nosZII) was at least 1 order of magnitude higher than the nirS gene abundance. Denitrification rates were also shown to have significant and positive correlation with all three genes. In addition, more detailed depth profiles in June 2015 indicated that a decrease in denitrification rates and gene abundance occurred with increasing depth primarily in the top 10 cm of the sediment profile (Figure 6a ). Addition of acetate to the microcosm incubations had no measurable effect on potential rates of denitrification (Table 2) , which agrees with no significant correlation between total sediment C (% C) and denitrification rates or gene measurements (Table 3 ). Table S2 .
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In contrast to denitrification, potential rates of anammox along the transects were higher in the pooled deeper sediments than in the near-surface sediments, although the difference between the depth intervals was not as great as the difference for potential rates of denitrification, and there was an apparent rate decrease with depth in the 0-15 cm interval in June 2015 (Figure 6b ). Potential rates of anammox appeared to have a significant and positive correlation with the hzo gene abundance but are negatively correlated with the denitrification genes (Table 3 ). The hzo gene abundance ranged from 6.1 × 10 4 to 4.1 × 10 6 copies (g dry sediment) −1 and was lowest at and near the shore, increasing linearly with distance at the three locations farthest from shore (Figure 6b ). However, the nearsurface sediments collected in June 2015 did not have the same trend as in the deeper sediments, as the highest abundance of hzo gene was measured in the near-surface sediment 6.3 m from shore.
Potential rates of net NO 3 − consumption were 0.05-18.1 nmol N loss (g dry sediment) −1 hr −1 , with higher rates measured in the pooled sediment samples in June 2015 (Figure 6c ). The near-surface sediments (0-5 cm) had higher rates than the pooled deeper sediments (5-30 cm), similar to the pattern for the denitrification rates. Interestingly, potential NO 3 − consumption rates for the two depth intervals along the transects did not differ as much as might be expected, given the NO 3 − and O 2 concentration differences that were present along the transects. Abundances of nirS and nosZI genes were significantly positively correlated with the NO 3 − consumption rates, as was total sediment C (% C), the latter having the highest coefficient (r = 0.865) among the geochemical parameters compared (Table 3) .
Rates of nitrification in the sediments collected from NO 3 − discharge zones at ambient NH 4 + concentrations were very low (0.076 nmol N g −1 hr −1 ) in October 2014 ( Table 2 ). The addition of NH 4 + increased the potential rate approximately 50%, indicating that an active nitrifying community was present in the near-surface sediments, even though there was no detectable dissolved NH 4 + present in the sediment pore water at that location.
In Situ Tracer Tests
Two natural-gradient tracer tests designed to quantify rates of NO 3 − reduction were conducted consecutively at the peak NO 3 − discharge location in October 2014. Observations in the array of samplers near the sediment-water interface ( Figure S2 ) showed that Br − was detected only at samplers located directly above the initial location of the injected tracer cloud, confirming that flow was vertical or nearly vertical within 75 cm of the sediment-water interface at the tracer test location. Breakthrough curves of normalized concentrations of NO 2 − and Br − from the first test indicate net NO 2 − loss with upward distance traveled as the tracer cloud discharged into the surface water of the lake (Figures 7a and 7b ). An increase in N 2 O concentrations at peak breakthrough in the top two samplers (5 cm pushpoint sampler and the pore water surface sampler) accompanied the NO 2 − loss; at peak breakthrough, the Br − -normalized net loss of NO 2 − was up to 20% of the injected tracer concentration (Figures 7c and 7d) . The rate of NO 2 − loss was relatively low during transit through the 75 to 12 cm interval then increased substantially during transit through the 12 to 2.5 cm interval (Table 4; see Table 4 footnote for definition of depth intervals used in rate calculations; also note that sediment depth intervals are given as deepest to shallowest, that is, in direction of pore water flow). Net N 2 O Figure 6 . Genes (data points) regulating denitrification (nosZI, nosZII, and nirS) and anammox (hzo) and potential rates of denitrification, anammox, and net anoxic nitrate consumption (bars) grouped by sampling transect and date (green bars) and depth interval (grey, yellow, and red bars represent replicates) within sediment cores. Distance is relative to a fixed location onshore (sediment was collected from transects C [June 2014] and F [June 2015] shown in Figure 2 ). Results from depth profiles of replicate cores collected at a distance of 6.3 m are shown for June 2015. See Table 3 for correlation between rates and gene abundances. Error bars are ±1 standard deviation. Data in Tables S6 and S7.
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Journal of Geophysical Research: Biogeosciences production near the surface accounted for 47% of the NO 2 − consumed in the center of the tracer cloud. The average vertical velocity of the tracer cloud, as measured between the breakthrough curve peaks, was 4.3 cm hr −1 (Table 4 ). Assuming an effective porosity of 0.3 for sandy sediments (LeBlanc, 1984) , a pore velocity of 4.3 cm hr −1 corresponds to a seepage rate of 12.9 L m −2 hr −1 . This compares favorably with the seepage rate measured adjacent to the tracer test site (Table 1) considering local-scale variations in seepage rate up to a factor of 2 owing to subtle small-scale spatial heterogeneities in permeability (Rosenberry & Menheer, 2006 ) and up to a factor of 1.8 owing to potential artifacts related to seepage meter design (Rosenberry & LaBaugh, 2008) . Nitrate concentrations during breakthrough varied between ambient groundwater values (prior to and after the arrival of the tracer cloud) and the injectate value (the NO 3 − concentration in the tracer solution source water and the injection port differed slightly), indicating no significant loss of NO 3 − during transport (Table S9) . . In contrast, significant losses of NO 3 − were observed near the sediment surface (Figure 8a ). Nitrous oxide concentrations were also relatively constant below 10 cm but increased within the tracer cloud near the sediment surface (Figure 8c ) and to a greater extent than during the first tracer test. Tracer NO 2 − concentrations were relatively constant at most depths (Table S9 ) but had a transient increase when the tracer cloud passed through the uppermost 5 cm depth interval (Figure 8d , negative consumption values). Acetate consumption was evident from 15 cm upward, though the amount of acetate consumed was greatest in the top 5 cm (Figure 8b) . The rate of NO 3 − consumption in the top 12 cm in the presence of acetate was 6 times the Br − -normalized net NO 2 − consumption rate in tracer test 1, and~19% of the acetate-amended denitrification rates that were measured in the well-mixed, laboratory microcosms (0.61 versus 3.22 nmol N (g dry sediment) −1 hr −1 , Tables 2 and 4 ; conversion using a porosity of 0.3 and sand bulk density of 1.6 g cm −3 ). In tracer test 2, the rate of Br − -normalized acetate consumption in the top 12 cm was 2 to 3 times the rate in the deeper sediments. The net N 2 O production rate in the top 12 cm in tracer test 2 (with acetate present) was approximately 2 times the rate measured in tracer test 1 (no acetate) in the same interval (Table 4 ).
Discussion
Hydrologic Controls on Groundwater Nitrogen Discharge Patterns
The groundwater chemistry of the wastewater contaminant plume discharging into Ashumet Pond has distinct vertical gradients that have been previously documented and were reaffirmed in this study (McCobb et al., 2003; Repert et al., 2006; Smith, Harvey, et al., 1991; Stoliker et al., 2016) . The gradients divide the aquifer vertically into three zones relative to N concentrations and speciation. There is a shallow, generally oxic, uncontaminated zone near the water table in which the inorganic N occurs as NO 3 − at concentrations typical of uncontaminated groundwater in the area. Below the uncontaminated zone is an oxic to anoxic NO 3 −containing zone that is about 5-6 m thick and often contains subzones of NO 2 − and N 2 O, and a deeper anoxic zone in which inorganic N exists as NH 4 + with no NO 3 − . The vertical locations of boundaries between these zones vary somewhat with time (e.g., Repert et al., 2006) , but the general separation of the NO 3 − and NH 4 + zones is persistent, which is consistent with minimal vertical dispersion affecting contaminant transport within the aquifer Repert et al., 2006) . At any fixed location, the vertical pattern of the gradients generally remains constant with time, and there is little change as the water table elevation changes in response to seasonal variations in aquifer recharge. Only the thickness of the uncontaminated zone immediately below the water table changes (see Repert et al., 2006) . Upgradient of the lake, groundwater flows primarily in a horizontal direction. Even within a few meters of the ) calculated from differences in normalized tracer concentrations at breakthrough curve peaks, 12 cm calculated as average of C10 and C15 samplers, and 2.5 cm calculated as average of C00 and C05 samplers. Sampler designations are site C (location shown in Figure S2 ) and depth in centimeter below the lakebed. b Tracer constituents were NaBr and NaNO 2 at 1,000 and 25 μM, respectively. c Tracer constituents were NaBr, NaNO 2 , and NaC 2 H 3 O 2 at 1,300, 50, and 100 μM, respectively. d Average travel velocity of peak tracer concentration.
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Journal of Geophysical Research: Biogeosciences lakeshore at F744, the vertical geochemical gradients in the contaminant plume are essentially unchanged from the upgradient profiles (Figure 3b ). However, as groundwater moves under the lakeshore and discharges into the lake, the flow lines curve upward and become nearly vertical within 1 m of the lake bottom. Pore water chemical profiles in the shallow lake sediment where groundwater is discharging are relatively uniform with depth, except for the shallowest samples. For example, at a location about 2 m from shore in October 2014, concentrations of O 2 , NO 3 − , and N 2 O changed little with upward flow over much of the last meter before discharge (Figure 3c ). The change from horizontal flow paths in groundwater to vertical flow paths as discharge occurs into the lake results in a shift from vertical geochemical gradients in the groundwater to horizontal gradients in the lakebed sediment pore water that are largely independent of local biogeochemical processes in the discharge area (compare Figures 3 and 4 ; McCobb & LeBlanc, 2011; Stoliker et al., 2016) . The vertical chemical gradients close to the lake bottom (0-10 cm) are attributed to varying combinations of reaction (NO 3 − reduction) and mixing of groundwater and lake water near the interface during sampling.
Groundwater discharge into the lake was not uniform spatially. In the northern portion of Fishermans Cove, groundwater discharge patterns inferred from sediment pore water temperatures in June 2014 showed the expected pattern, where groundwater discharge decreases with distance away from the shore but with localized offshore areas of more intense discharge (Figure 2 ). In the southern part of Fishermans Cove, the absence of a difference between the lake water and sediment pore water temperatures suggested that there was little discharge only a few meters offshore. In the northern areas the discharge extended nearly 30 m offshore. Previous studies showed similar patterns and demonstrated that groundwater discharge occurs as far as 100 m from shore in portions of the Fishermans Cove area (McCobb et al., 2003) .
As the lake stage and water table elevation varied with time because of seasonal changes in precipitation and evapotranspiration, the shoreline advanced and retreated, causing shifts in the discharge locations of the geochemical zones observed in upgradient vertical profiles. Although the vertical distributions of N 
Journal of Geophysical Research: Biogeosciences species within the groundwater generally were constant over time, their lateral distributions at the lakebed changed as the lake stage changed. Thus, the area of discharge to the lake of the highest NO 3 − concentrations advanced and retreated relative to both the shifting shoreline and the fixed lakebed (Figure 4 ). This discharge zone (i.e., the NO 3 − plume discharge footprint on the lakebed) was identified by using the grid of pushpoint samplers in the general area of groundwater discharge (Figure 2) . The location of the highest NO 3 − concentration also moved laterally parallel to shore, particularly at the 10-year low lake stage (note the location of the October 2014 transect as compare to the June 2013 transect in Figure 2 ). Direct measurements of seepage made during each sampling event (Table 1) confirmed the co-occurrence of groundwater discharge and high NO 3 − concentrations.
Nitrogen Cycle Gene Abundance and Sediment Activity Assays
The changing location of the groundwater NO 3 − flux into the lake implies that the sediment microbial community and the plant and animal benthic communities at many fixed locations were being subjected to continual changes in geochemical regimes fluxing through the sediments and across the sediment-water interface. Rates of denitrification and NO 3 − consumption potential were high in all the near-surface sediments receiving groundwater discharge (Figures 6a and 6c ). The potential rates for those processes did not appear to be affected by the spatially variable NO 3 − concentrations in the discharge. However, rates of both processes decreased markedly with depth below the top 0-5-cm interval. Thus, the vertical profile of denitrification potential was similar to profiles observed in lake or marine sediments at other locations (Laverman et al., 2007; Seitzinger, 1988) where diffusive flux dominates solute movement across the sediment-water interface in a downward direction, even though solute delivery at the Ashumet Pond study site was predominantly upward. The relevance of water movement to N cycling processes within the sediments was not readily apparent based solely on process rate potentials and functional gene quantification. The Ashumet Pond results contrast with studies of subestuarine NO 3 − discharge in which NO 3 − removal rates were greater in deeper sediments, with decreasing activity and NO 3 − concentrations near the surface (Couturier et al., 2017; Kroeger & Charette, 2008; Slater & Capone, 1987) . Differences in sediment process distribution between freshwater and subestuarine systems result in part from tidal influences and steep salinity gradients along groundwater flow paths in subestuarine systems, neither of which are factors in inland lakes.
Although dissolved NH 4 + concentrations were near or below detection limits in lakebed pore water within the NO 3 − discharge zone, both nitrification and anammox potential activities were measurable in microcosms. Net potential nitrification rates were very low in near-surface sediments relative to other N cycle process rates, in agreement with results reported by Stoliker et al. (2016) . Anammox potential rates were higher in deeper sediments than in shallow sediments and even exceeded denitrification potential rates in the deeper sediments farthest from shore (11.2-14.5 m) along the sediment sampling transect. This region of the transect is beyond the farthest migration of the dissolved O 2 gradient toward the center of the lake during the study period (see Figure 4 ) and thus presents a more stable anoxic environment as opposed to near-shore locations, which fluctuate between oxic and anoxic conditions and would therefore tend to favor denitrification over anammox. Anammox activity has been found in this sand and gravel aquifer upgradient of Ashumet Pond (Smith et al., 2015) , and its presence has been reported in Ashumet Pond and other freshwater sediments (Penton et al., 2006; Stoliker et al., 2016; Zhou et al., 2014; Zhu et al., 2010) . The NH 4 + source for both nitrification and anammox must ultimately be mineralization of organic N, with perhaps some DNRA activity, though the low sediment C content would not favor DNRA. Slow rates of mineralization to produce NH 4 + would likely control both nitrification and anammox activity, while lack of O 2 in sediment pore water would be an additional factor limiting nitrification at the NO 3 − discharge zone, where upward advection of anoxic water would greatly exceed downward diffusion of dissolved O 2 .
Higher abundance of denitrifying communities was measured in the near-surface sediments than in the deeper sediments even though NO 3 − was continually supplied by groundwater discharge throughout the vertical profile. Among the geochemical parameters examined, Fe, Mn, and S were shown to have significant positive correlations with the abundance of denitrification genes, but not with total sediment C content. The addition of acetate stimulated both NO 2 − and N 2 O net production during the in situ tracer tests, but only in the top 5-10 cm, even though a substantial portion of the acetate was consumed below the 5-10 cm interval. Together, these results suggest that heterotrophic denitrification may have been limited to the top 5 cm 10.1029/2018JG004635
Journal of Geophysical Research: Biogeosciences in the lakebed sediments at the groundwater discharge locations and relatively inactive below that depth interval. As suggested by Burgin and Hamilton (2007) , heterotrophic denitrification may have been overemphasized in previous studies as compared to other NO 3 − reduction pathways, particularly in environments with relatively low degradable C content, similar to the Fishermans Cove area of Ashumet Pond. The DOC/NO 3 − molar ratio in Fishermans Cove pore water from 100 cm was 1.4 ( Figure 3) , a value near the stoichiometric threshold limiting heterotrophic denitrifying activity (Taylor & Townsend, 2010) . Rates of NO 3 − consumption, which would include N 2 O production by denitrification, NO 3 − reduction to NO 2 − , and NO 3 − assimilation, were significantly and positively correlated with total sediment C, as well as Fe, Mn, and S (Table 3) . Thus, processes other than heterotrophic denitrification could also have played a role in consuming groundwater NO 3 − in Fishermans Cove, but only to a limited extent, particularly below the top 5 cm depth interval.
Abundance of anammox bacteria based on the hzo gene quantification was positively correlated with the anammox rates, which had a negative correlation with both nosZI and nosZII gene abundance (Table 3) . No significant difference between the hzo gene abundance in the near-surface and deeper sediments was observed in this study, which differs from the depth profiles of anammox bacterial abundance found in shallow, eutrophic Lake Taihu in China (Qin et al., 2018) . This contrast might be the result of hydrologic control on fluctuating N substrates and dissolved O 2 concentrations in Ashumet Pond, preventing proliferation of anammox bacteria, which have characteristically slow growth rates (Oshiki et al., 2016) . This is further evidence supporting a preference by anammox bacteria for niches with a steady supply of N substrates.
Positive correlations between gene abundance and rate measurements support the use of the functional genes to assess both anammox and denitrification activities in the environment. This agrees with other studies that have found a linkage between the structure and function of microbial communities (Graham et al., 2014; Lisa et al., 2015) . Transcripts of the functional genes have also been used to identify active members of microbial communities, but correlation between transcripts and rates was rarely observed because of the transient nature of transcripts (Rocca et al., 2015) . The results reported here provide additional evidence that functional gene measurements of denitrification and anammox are a useful predictor to assess the fate of NO 3 − transported by advection to lakes and other ecosystems.
In Situ Controls on Nitrite and Nitrate Attenuation
The distribution and patterns of δ 15 N and δ 18 O values in groundwater NO 3 − upgradient of Ashumet Pond indicate that the NO 3 − being delivered to the lake was isotopically fractionated previously by dissimilatory processes. Both N and O were progressively enriched in the heavier isotope ( 15 N and 18 O) with increasing depth in the contaminated portion of the aquifer ( Figure 5 ). This result is consistent with previous studies that demonstrated that denitrification and anammox were occurring within the contaminant plume (Smith et al., 2004; Smith et al., 2015; Smith, Howes, et al., 1991) . Nitrite and N 2 O in the groundwater were associated with the active zone of denitrification, as the individual steps of the denitrification pathway were occurring at different rates and resulting in variable accumulation of the pathway intermediates (Smith et al., 2004) . Horizontal variations of δ 15 N and δ 18 O values of NO 3 − in sediment pore water at a constant depth of 100 cm below the lakebed generally were similar to vertical isotopic variations in upgradient groundwater ( Figure 5 ), indicating that they were caused mainly by upgradient NO 3 − reactions. Relations between NO 3 − concentrations and isotopic compositions within each of the pore water profiles generally were not consistent with progressive NO 3 − reduction during upward flow from 100 to 10 cm beneath the lakebed. Some of those variations likely indicate that upward flow was not exactly vertical, such that the pore water profiles were not exactly aligned with flow. In contrast, at least three out of four profiles exhibited upward increases in δ 15 N and δ 18 O values associated with decreases in NO 3 − concentration in the upper 10 cm that were qualitatively consistent with relatively high rates of NO 3 − reduction near the sedimentwater interface.
The NO 2 − natural-gradient tracer tests demonstrated that in situ NO 2 − consumption rates in the lakebed sediments were very low in the 75 to 15 cm interval and increased only after the tracer NO 2 − was transported through the more C-rich sediments from 10 cm to the sediment-water interface. This result is consistent with the NO 3 − isotope data and with the consumption rates of background NO 3 − during the second tracer test.
Nitrate consumption rates were low in the deeper interval, even when acetate was present, and 10.1029/2018JG004635
Journal of Geophysical Research: Biogeosciences substantially higher in the shallow interval. However, the pore water residence time in the top 10 cm was only slightly longer than 2 hr. Thus, the amount of NO 3 − removed prior to discharge to the lake was no more than 30-40% of the incoming pore water NO 3 − concentration in the near-surface sediment, even when acetate was present. Although the microbial community was functionally primed and capable of reducing substantial amounts of NO 3 − prior to discharge, electron donor limitation coupled with relatively rapid transit rates through the active zone precluded substantial NO 3 − removal from occurring.
If anything, the tracer tests and the pore water profiles suggest that the shallow zone of active N cycling was contributing additional NO 2 − and N 2 O to the pore water just before it was discharging to the lake (Figures 3c and 7c ).
Ashumet Pond is typical of many pristine and mesotrophic lakes, including the Laurentian Great Lakes; the shallow, nearshore sediments have a relatively low C content as compared to wetlands or other eutrophic bodies of water. Groundwater discharge to these low C systems can potentially serve as a substantial nutrient source, contributing to harmful algal blooms, and a source of other toxic contaminants (Lee et al., 2014; Robinson, 2015; Roy & Malenica, 2013) . However, this obviously depends on the removal rates and transport rates within the lakebed sediments. Literature reports of sediment denitrification rates compiled from 21 lake studies (using various quantification methods) averaged 126 ± 105 μmol N reduced m −2 hr −1 (Pina-Ochoa & Alvarez-Cobelas, 2006) . For comparison, the average microcosm rate for near-surface sediments (0-5 cm) collected from Ashumet Pond in June 2015 and incubated in the lab was 174 μmol N m −2 hr −1 ( Figure 6 ; conversion: 1 g dry sediment = 0.525 ml wet sediment). Tracer-test rate estimates, which are approximations of bulk in situ NO 3 − reduction rates, ranged from 22.4 (as N 2 O produced) to 47.6 (as NO 2 − loss) μmol N m −2 hr −1 (calculated for a 10 cm depth interval). These rates are about 4 to 8 times lower than the microcosm potential rate estimates, though it must be noted that the electron balance differs between the various methods (e.g., NO 3 − reduction to N 2 O for the C 2 H 2 block versus N 2 production using 15 N-NO 3 − ). The difference between the NO 2 − consumed and N 2 O produced must be due to some combination of processes that could include N 2 O reduction to N 2 via canonical denitrification, NO 2 − reduction directly to N 2 coupled with methane oxidation , abiotic NO 2 − conversion to N 2 Figure 9 . Diagrammatic interpretation of a groundwater contaminant plume discharging into a freshwater lake.
(1) Nitrate dissimilatory processes occur upgradient within the suboxic to anoxic portion of the contaminant plume when electron supply is available, producing N 2 and intermediate NO x species.
(2) As electron supply is depleted, there is little subsequent reactivity and DIN constituents move downgradient in nearly horizontal flow paths, arriving in the vicinity of the lakebed.
(3) Within the lakebed, where more degradable carbon is available, flow paths angle upward, and there is a greater potential for N cycle redox reactions such as anammox and denitrification to occur. However, the zone of reactivity is relatively thin (red-shaded area) and transit times, which can be quite short, dictate the extent to which biogeochemical processes transform or remove DIN species, resulting in (4) delivery and uptake of DIN in the water column of the lake. (5) Additionally, the zone of reactivity moves spatially with time as the plume discharge location changes with changing lake and water table levels, which rise (black arrows) and fall (white arrows) as precipitation and evapotranspiration vary seasonally and over long periods, subjecting the microbial populations at any fixed location within the lakebed to continually changing geochemical regimes. mediated by nitrosation (Phillips et al., 2016) , anoxic NO 2 − oxidation to NO 3 − by anammox in the deeper sediments (Kartal et al., 2012) , and nitrification in the surface sediments, where O 2 is present in low concentration. Additional tracer tests with 15 N-labeled substrates would be needed to discern the extent to which these other processes are occurring.
Many factors have been shown to control sediment NO 3 − reduction rates, including NO 3 − , C, and O 2 concentrations, and gene abundance (e.g., see Lisa et al., 2015; Pina-Ochoa & Alvarez-Cobelas, 2006) . While the dynamics of water movement have been recognized as a controlling factor for N attenuation in hyporheic zones of streams and rivers (Böhlke et al., 2009; Grant et al., 2018; Harvey et al., 2013; Seitzinger et al., 2006; Zarnetske et al., 2012) and subterranean estuaries (Kroeger & Charette, 2008; Michael et al., 2005; Spiteri et al., 2008; Ueda et al., 2003) , this lakebed study clearly emphasizes the importance of hydrologic transport and the associated seasonal variability on the spatial pattern of groundwater N delivery to lakes and the limiting effect of electron donor availability along upgradient groundwater flow paths.
Conclusions
The fate of groundwater NO 3 − and other contaminants discharging into a lake depends on coupling between hydrologic and geochemical processes within, and upgradient of, the discharge area, as depicted in Figure 9 . Where a groundwater contaminant plume discharges into a lake, the discharge location (or contaminant footprint on the lakebed) is controlled by water table and lake-stage fluctuations and moves accordingly with the shifting hydraulic gradient and shoreline location. Removal rates of NO 3 − , and potentially other contaminants, in the discharging groundwater can be relatively high on a volumetric basis as the groundwater nears the groundwater-lake interface owing to microbial activity stimulated by lake-derived organic C, but short residence times can limit the amount of NO 3 − removed before discharge, resulting in relatively low removal rates on an areal basis. This suggests that under circumstances similar to this study, upgradient natural attenuation processes could be more important for mitigating the impact of N compounds on downgradient lakes than those at the groundwater-lake interface. However, dissimilatory nitrogen removal processes near the ends of groundwater discharge flow paths in nearshore sediments could have a secondary indirect impact on lake water geochemistry by increasing the fluxes of N 2 O and NO 2 − across the sediment-water interface where NO 3 − was discharging to the lake.
The shallow sediment microbial populations in this system experience continual shifting of geochemical redox conditions to which they must frequently adapt. The predominance of hydrologic transport over nitrogen removal mechanisms in systems similar to Ashumet Pond, which likely also applies to other contaminant transport processes, exposes benthic communities within the lake at groundwater discharge locations to essentially the whole range of groundwater contaminants and redox conditions that might be arriving at the groundwater-lake interface. The changing spatial pattern of the contaminated groundwater discharge was related to local hydrologic conditions, as well as inherited upgradient contaminant plume features, which caused local variations in contaminant exposure in the lakebed and thus complicates the assessment of natural attenuation.
